adsorbents are the different soil constituents. According to the properties of pesticides and adsorbents, several adsorption mechanisms are possible: hydrogen bindings, ion exchanges, interactions with metallic cations, polar interactions, charge transfers, London-Van der Waals dispersion forces and hydrophobic effects (Calvet et al., 2005) . As the soil constituents contain polar and ionisable groups, the adsorption of pesticides possessing polar and non polar groups can involve several of these mechanisms. The reverse process of adsorption is desorption. In general, the desorption is inversely related to adsorption, being small when adsorption is great, and conversely (Mamy & Barriuso, 2007) . For example, the adsorption of atrazine is fully reversible (Celis et al., 1998) ; on the contrary that of glyphosate is not reversible and hysteresis is observed (Mamy & Barriuso, 2007) . The hysteresis can be due to irreversible adsorption, physical entrapment in organo-mineral aggregates or degradation.
Methods of measurement
Batch experiments. Most of the time, the retention of pesticides is measured with soil suspensions, known as batch experiments, according to the OECD 106 guideline (OECD, 2000a) . A volume (generally 10 mL) of an aqueous solution of pesticide is added to a mass of dry sieved soil (generally 2 g) in glass centrifuge tubes. Soil suspensions are shaken mechanically for 24 hours in darkness and then centrifuged. The duration of 24 hours corresponds to the time needed to reach equilibrium between the adsorbed pesticide and the pesticide in solution. The degradation of the pesticide or the adsorption of the pesticide on the surface of the flask used for the experiment has to be determined (Calvet, 1989) . The amounts of adsorbed pesticide in the soil are calculated as the difference between initial pesticide concentration in solution and centrifuged supernatant concentration. This experiment is done at several initial pesticide concentrations to determine the adsorption isotherm of the pesticide (adsorbed amounts as a function of the equilibrium concentration of pesticide). In general, the smaller the concentration, the greater the adsorbed amount per unit mass soil. From this isotherm, distribution coefficients between soil and soil solution can be determined according to the Freundlich (Kf) model (1): nf 
Kf
Qs / Ce =
where Qs (mg kg -1 ) is amount of adsorbed herbicide in soil at equilibrium concentration, Ce (mg L -1 ) is pesticide concentration in supernatant solution, and nf is an empirical coefficient. When nf = 1, the isotherm is linear and Kf = Kd (L kg -1 ). As organic carbon is a major adsorbent for pesticides (see 2.3.2.1), the Koc (L kg -1 ) (2) coefficient is often calculated as:
where Corg is the percentage of organic carbon content in soil. For a given pesticide, the Koc is generally less variable than the Kd among different soils (Calvet, 1989) . However, the intensive shaking of soil-pesticide solution leads to dispersion of the soil structure, resulting in a higher availability of sorption sites. Therefore batch overestimates the sorption of pesticides (Walker & Jurado-Exposito, 1998) .
Centrifugation. The soil sample is prepared at realistic soil moisture, treated with the pesticide, incubated, then centrifuged to collect the soil solution which is directly analysed for pesticide concentration Walker & Jurado-Exposito, 1998) . Filters. Gaillardon & Dur (1995) developed an original method using remoulded soil samples that are placed in Petri dishes to give a 3-4 mm thick soil layer at controlled water content. The soil solution is sampled with glass microfibre filters laid on the soil surface. The volume of the soil solution and the dissolved pesticide retained in the filter are determined. This method could be adapted to undisturbed soil samples. Soil columns. The soil columns allow the study of retention in dynamic conditions. The column is filled with disturbed (sieved or small aggregates) or undisturbed soil, a solution of pesticide is applied at the top of the column then water flow is imposed through rainfall simulation or pressure head control (Pot et al., 2005; . Sorption coefficients can be estimated by inverse modelling of the elution curves and retardation factor calculation (Lennartz, 1999) . Column experiments allow the possibility to determine the vertical distribution of the pesticide residues in the soil core if recovery in the leachates is incomplete (Benoit et al., 2000; Vincent et al., 2007) . In a recent study, Vereecken et al. (2011) analysed the relationships between Koc derived from column data with more classical batch experimental data obtained on the same soils. The authors concluded that such relationships depended on pore water velocity and on the saturation status (saturated vs unsaturated) and packing status (disturbed vs undisturbed) of the soil column. Lysimeters. A lysimeter consists of an undisturbed soil block or cylinder, embedded in an inert container with a bottom permeable to drainage water or leachate. An outstanding feature of lysimeters is the capability to monitor mass fluxes of water and chemicals under field climatic conditions and representative crop practices (Saison et al., 2008) . The distribution of the chemical and of its metabolites in the soil along with their transformation rates can also be determined. Compared to laboratory experiments, outdoor lysimeter studies are closer to field environmental conditions, there is no significant disturbance of the soil structure, but the major limitation is the fact that certain variable experimental conditions such as environmental/climatic parameters are not controlled (OECD, 2000b) .
Factors controlling the retention of pesticides in soils 2.3.1 Physico-chemical properties of pesticides
Surface, volume, and branching. In general, the adsorption of pesticides increases with the volume and with the degree of branching which is correlated to the surface area (Mamy & Barriuso, 2005; Sabljic et al., 1995) . Indeed, the molecular volume is related to water solubility (see hydrophilic/hydrophobic balance) (Calvet, 1989) , and the degree of branching encodes the intermolecular accessibility (Kier & Hall, 2000) . Electronic structure. The nature of atoms and of functional groups determines the electronic structure of the pesticides (therefore their permanent dipole moment and polarizability) that governs the type of interactions of pesticide with soils (donor-acceptor electron, hydrogen bonds) (Calvet, 1989) . The different substitutions and their spatial arrangement in the molecule have an effect on the adsorption by influencing the reactivity of functional groups (carbonyl oxygen, amide nitrogen) participating in these bond interactions (Liu et al., 2000) . Ionization. It determines the charge of the pesticide and depends on its electronic structure. Strong bases always occur in cationic form in soils, but the ionization of weak bases and weak acids depends on the pH of the soil and on pKa or pKb values of molecules (Calvet, 1989) . In general, the sorption of cations is strong on negatively charged surfaces like clays, oxides, hydroxides and humic substances. On the contrary, anions are not adsorbed on these surfaces, but their sorption is high in soils with positive charges, like tropical soils. For example, glyphosate has four pKa so that its sorption increases when the soil pH decreases because the number of negative charges of this herbicide decreases.
Hydrophilic/hydrophobic balance. The hydrophilicity of pesticides is defined by their water solubility and the hydrophobicity by their octanol/water partition coefficient. In general, the adsorption of pesticides decreases when their water solubility increases because of their high affinity for the water phase, and conversely, the adsorption increases with the hydrophobicity of pesticides. However, it also depends on the hydrophilic/hydrophobic balance of the soil adsorbents. The adsorption of polar compounds does not always decreases with increasing water solubility (Calvet, 1989) . For example, glyphosate, a polar herbicide, is highly soluble in water (12 g L -1 ) but is strongly sorbed to soils (Mamy & Barriuso, 2005) . Indeed, the sorption of ionisable molecules and molecules with phosphogroups like glyphosate involve high-energy binding adsorption phenomena (ionic and coordination bindings, complex formation with metals in solution or at the solid-liquid interphase) that overbalance the effects of high solubility (Tao & Lu, 1999) .
Soil properties

Elementary properties (minerals, organic matter, pH)
Minerals. The mineral adsorbents involved in the adsorption of pesticides are clays (as silicate minerals), oxides and hydroxides (Calvet, 1989) . Their surfaces are mainly hydrophilic because of hydroxyl groups and exchangeable cations. The adsorption of pesticides on clay minerals is likely to occur on external surfaces of clay particles rather than in interlamellar space and increases with the specific surface of clays (Barriuso et al., 1994) . Oxides and hydroxides are frequently associated to clays, they have a high surface activity and their charge depends on the soil pH (Calvet, 1989) . For example, the adsorption of glyphosate increases as follows: kaolinite < illite < montmorillonite < nontronite (Mc Connell & Hossner, 1985) . The adsorption of glyphosate on iron and aluminium oxides and hydroxides is high at intermediate pH and driven by ionic bindings between the positive surface sites of minerals and the negative acid groups of glyphosate (Morillo et al., 2000) . However, sorption is much lower at very acid or very alkaline pH because oxides will bear the same charge as glyphosate. Organic matter. Soil organic matter originates from crop residues, microbial biomass and organic amendments. It has very heterogeneous composition and contains both hydrophilic and hydrophobic groups (Calvet et al., 2005) . Even if organic matter only represents few percents of the total dried material in soil, it is a major sorbent of pesticides in soil (Calvet, 1989) . This is attributed to its high chemical reactivity towards both mineral surfaces and organic molecules, allowing various types of interaction with pesticides. The sorption capacities of organic matter are not only controlled by their chemical composition, but also by their size, due to a greater number of sorptive sites related to a greater surface area with decreasing particle-size . In general, the adsorption of pesticides increases with organic matter, except for ionic molecules. Soil pH. The soil pH plays an important role in particular for the adsorption of ionic pesticides like glyphosate or sulcotrione (Calvet, 1989; Mamy & Barriuso, 2005) . Depending on the charge of the pesticide, the adsorption will increase (or decrease) with pH. For example, the retention of glyphosate increases when the soil pH decreases because the number of negative charges of the molecule decreases, allowing the adsorption on negatively charged adsorbents like clay or organic matter.
Soil structure
The soil structure is characterized by the bulk density and the pore geometry which depend on agricultural practices and on the climate. In addition, the bulk density depends on the size of the soil sample (from aggregate to macroscopic scale) due to the spatial variability of the soil structure (Alletto et al., 2010a) . Pesticide movement through aggregated soils is mainly controlled by kinetic sorption and diffusion (Beulke et al., 2004) . In static conditions, the rate of pesticide adsorption decreases when the density of soil aggregates increases (Chaplain et al., 2008) . In dynamic conditions, retention depends on transport parameters such as pore water velocity and residence time (Pot et al., 2005; . Compared to tilled soils, the no tilled or grassland soils are characterized by the presence of biopores (due to earthworm burrows, roots…) and high content of organic matter in the surface layers. The retention of pesticides is therefore generally higher in these soils (Benoit et al., 2000; Larsbo et al., 2009) . However, the increase in retention can be counter-balanced by increased preferential transport because no tillage leads to enhanced macropore connectivity (Larsbo et al., 2009 ).
Effect of environmental conditions (water content, temperature)
Water content. The soil water content defines the specific exchange surface between solid and liquid phases. The adsorption of pesticides increases with water content as it facilitates pesticide diffusion to sorption sites. As water content increases, the organic matter also becomes more hydrophilic with greater sorption potential for hydrophilic pesticides (Roy et al., 2000) . For hydrophobic pesticides like trifluralin, the adsorption decreases when the soil water content increases because the hydration of the surfaces of adsorbents decreases the accessibility to adsorption sites (Swann & Behrens, 1972) . Low soil moisture content might also favour access to the hydrophobic regions of humus by generating more hydrophobic surfaces, thereby increasing the sorption of hydrophobic substances (Roy et al., 2000) . Temperature. I n g e n e r a l , t h e a d s o r p t i o n o f p e s t icides decreases when the temperature increases (Ten Hulscher & Cornelissen, 1996) . However, fast sorption should be differentiated from slow sorption: the fast sorption increases with decreasing temperature, but the slow sorption is more rapid at higher temperature. This could explain why for some compounds, overall sorption with short equilibration times is nearly independent of temperature. The slow sorption is generally due to diffusion of the pesticide through the organic matter and increasing temperature decreases the density therefore increases the diffusion (Ten Hulscher & Cornelissen, 1996) . For some pesticides that exhibit decreasing solubility at higher temperatures, an increase in the sorption with temperatures can be observed (Chiou et al., 1979 , as cited in Ten Hulscher & Cornelissen, 1996 .
Spatio-temporal variability of retention
Spatial variability. The retention of pesticides varies laterally and vertically. For example, at the scale of one watershed, the variation coefficients of the Koc of several pesticides in the soil surface can reach 30%. It seems mainly due to the variation of organic carbon content (Coquet & Barriuso, 2002) . But, the variability of pesticides adsorption is high even at smaller scales (cm to m) (Mermoud et al., 2008 , Vieublé-Gonod et al., 2009 . The adsorption of pesticides also varies with soil depth: in general, the adsorption decreases because of a decrease in the organic carbon content (Mamy & Barriuso, 2005) .
Temporal variability. The retention of pesticides is affected by their residence time in soil because of diffusion into soil micropores, physical entrapment or degradation (Koskinen et al., 2001 ). In the long term, the interactions responsible for retention evolve to the formation of pesticides non-extractable residues . Non-extractable (bound) residues are pesticides in soils which persist in the form of the parent substance or its metabolite(s) after extraction (Fürh et al., 1998 , as cited in Barriuso et al., 2008) . A large increase in retention with time is generally observed for weakly adsorbed herbicides, but for strongly adsorbed herbicides, adsorption decreases or remains stable (Mamy & Barriuso, 2007) .
Degradation
Biodegradation 3.1.1 Definitions
Metabolism of pesticides. The metabolism of pesticides in living beings involves numerous enzymatic reactions grouped in three phases (Bollag & Liu, 1990; Mougin, 2002) . Phase 1, probably the most important one, includes functionalization reactions (oxidation, reduction, hydrolysis) of the parent compound. By the introduction of additional functional groups such as OH, NH 2 , SH and COOH, these processes often result in the formation of metabolites with modified physiological and biological properties, and a predisposition for further metabolism in the secondary phase. Phase 2 is a synthetic process known as conjugation that results in the formation of final metabolites by linkage of the activated metabolite with cell constituents. These metabolites are distributed and sequestered by the organisms, or excreted. Phase 3 involves synthetic reactions leading to the oligomerization of several units of the parent compound, or secondary conjugation of the parent compound with cellular components of the cells. They contribute to the formation of high-molecular weight compounds or bound compounds, which are incorporated and stabilized within the cells. In moving from their initial state to phase 2 or 3, metabolites become generally more hydrophilic, except in the case of insoluble polymers. Their initial mobility is also reduced, as well as their toxic or hazardous power. Key actors responsible of pesticide metabolism. The degradation of pesticide through microbial metabolic processes is considered to be the primary mechanism of biological transformation. The different groups of microorganisms, mainly the prokaryotic bacteria, actinomycetes and eukaryotic fungi, can mediate an almost infinite number of biochemical transformations. The most numerous organisms in soil are bacteria, whereas fungi form the largest biomass. They are involved in other numerous functions such as mineralization and humification of organic matter, biogeochemical cycles, production of toxins and compounds of interest (antibiotics). Bacteria are the main biodegraders in soils. They are present in all soils with a competitive pH near neutrality. Despite some characteristics in common with bacteria, actinomycetes are similar to fungi. They are more tolerant to alkaline and acidic soil pH and low moisture content than bacteria. Processes involved in the biotransformation of pesticides. The processes responsible of the biodegradation of pesticides include biodegradation, cometabolism and synthesis. During biodegradation, one or several interacting organisms metabolize the pesticide into inorganic components (like CO 2 ). The organisms obtain their requirements for growth and energy by mineralizing the molecule. If microorganisms do not possess all the enzymatic equipment to mineralize pesticides, metabolites are excreted in soil and can be mineralized by other microorganisms.
Pesticide metabolism in the environment is also governed by cometabolism in which organisms grow at the expense of a cosubstrate to transform the pesticide without deriving any nutrient or energy for growth from the process. Cometabolism is a partial and fortuitous metabolism and enzymes involved in the initial reaction lack substrate specificity. Generally, it results only in minor modifications of the structure of the pesticide, but these modifications could greatly influence pollutant bioavailability and mobility in soil. Different organisms (mainly fungi) can transform a molecule by sequential attacks, or can use cometabolic products of one organism as a growth substrate. In addition, intermediate products with their own bio-physico-chemical properties can accumulate, thus causing some adverse effects on the environment. The metabolites are generally less toxic than the pesticides, but they can be more toxic in some cases (Tixier et al., 2002) . Synthesis includes conjugation and oligomerization. Pesticides are transformed into compounds with chemical structures more complex than those of the parent compounds. During conjugation, a pesticide (or one of its transformation products) is linked to hydrophilic endogenous substrates, resulting in the formation of methylated, acetylated, or alkylated compounds, glycosides, or amino acid conjugates. These compounds can be excreted from the living cells, or stored. During oligomerization, a pesticide combines with itself, or with other xenobiotic residues (proteins, soil organic residues). Consequently, they give high-molecular weight compounds, which are stable and often incorporated into cellular components (cell walls…) or soil constituents (soil organic matter). This biochemical process not only affects the activity and the biodegradability of a compound in limiting its bioavailability, but also raises concern about the environmental impact of the bound residues Bollag & Liu, 1990 ).
Methods of measurement
Pure liquid cultures. Pesticide metabolism can be studied with pure liquid cultures supplemented with fungal or bacterial inocula. These cultures are potent tools to precise the transformation pathways of pesticides and the relevant metabolites. For example, white-rot basidiomycetes have been extensively considered because of their high potential for xenobiotics transformation. These filamentous fungi degrade pesticides using two types of enzymatic systems: intracellular (cytochromes P450) and exocellular (lignin-degrading system mainly consisting in peroxidases and laccases). Each of these systems could also be induced or inhibited by pesticides, thus able to modulate their metabolism. Soil and inoculum. Studies can be performed in soils favouring microbial development and activity. Some experiments involved bacteria as an inoculum to remove pesticide residues from contaminated soils in laboratory conditions (Duquenne et al., 1996) or in situ (Qureshi et al., 2009 ). In some cases, carriers are developed to ensure fungal growth in the spiked soil. Lignocellulosic materials, that provide also nutrients and easily available carbon for the organisms, have been often retained. Nevertheless, fungal growth or activity are rarely assessed using biological descriptors in biotransformation experiments.
Soil incubation (disturbed or undisturbed soils).
The degradation of pesticides is often studied using soil incubation. Soil samples are treated with the pesticide and incubated in the dark under controlled laboratory conditions (at constant temperature and soil moisture). After appropriate time intervals, soil samples are extracted and analysed for the parent substance and for metabolites. Volatile products are also collected for analysis. Using 13 C or 14 C-labelled material, the mineralization rates of the pesticide (allowing the quantification of biodegradation) can be measured by trapping evolved 13 CO 2 or 14 CO 2 , and a mass balance, including the formation of soil bound residues, can be established (OECD, 2002) . From the degradation kinetics, the half-lives (DT50) of pesticides are determined. This method can use either disturbed soil samples (sieved) or undisturbed soil samples such as aggregates or cores (Benoit et al., 2000; Mamy et al., 2011; Monard et al., 2010; Vieublé-Gonod et al., 2009) . Field studies. In field conditions, soil temperature and moisture are highly variable with consequences on pesticides degrading microorganisms. Therefore, the measurement of pesticide dissipation in the field is fundamental to complete the data obtained in the laboratory. The pesticide is applied according to the intended use and, at appropriate dates, the soil is sampled and analysed for the pesticide and its metabolites. The DT50 can then be determined.
Factors controlling the degradation of pesticides in soils
Physico-chemical properties of pesticides
There is no clear relationship between the chemical properties of pesticides and their rates of degradation because several phenomena are simultaneously involved in the degradation and because of the high variety of structures of pesticides (Calvet et al., 2005) . Nevertheless, some atoms (halogens, and chlorine in particular) are known to be toxic to microorganisms (therefore a decrease of biodegradation is observed), but there is no general rule (Naumann, 2000) . For example, there is almost no biodegradation of chlordecone (organochlorine insecticide) because of its highly chlorinated cage-like structure that makes chlordecone a poor carbon source for bacteria (George & Claxton, 1988 , as cited in Cabidoche et al., 2009 ).
Effect of soil structure on the degradation of pesticides in soils and spatio-temporal variability
Soil structure. The different practices such as soil tillage or organic amendments may affect soil structure by different mechanisms (aggregation of soil particles, creation of pore space) (Mapa et al., 1986) , influence the hydraulic properties of the soil and hence pesticide transport through the soil (see 2.3.2.2). When an increase of leaching is observed in conventional tilled soil, this can be attributed to weaker sorption due to lower soil organic carbon content but also to slower microbial degradation (Gish et al., 1995 and Sadeghi et al., 1998 as cited in Alletto et al., 2010b) . Tillage also affects soil organic carbon location and sequestration as well as water retention properties. This may lead to different sorption and degradation properties depending on tillage practices (Alletto et al., 2008; Stenrød et al., 2006) . In agricultural soils, soil structure is affected by compaction under wheel tracks. Vieublé Gonod et al. (unpublished data) studied the impact of compaction on the fate of isoproturon in soil in laboratory. They did not observe any effect of compaction neither on isoproturon mineralization nor on its availability. The presence of fresh organic matter originating from urban waste compost did not modify the observed results. This was consistent with the results of Mamy et al. (2011) who showed that, in the conditions of the experiment, soil compaction did not modify significantly the degradation of isoproturon, neither the formation rates nor the nature of its metabolites. Spatial localization of microorganisms. The spatial heterogeneity of microorganisms in heterogeneous soil structure plays an important role in microbial processes and in the persistence of pesticides (Strong et al., 1998) . For example, Vieublé-Gonod et al. (2003) observed that 2,4-D mineralization increased with the size of aggregates (inter classes heterogeneity) but varied also a lot in aggregates of a same size class (intra class heterogeneity). Authors explained this variability by an uneven distribution of the degrading microorganisms at this scale, and to a lesser extent, by an uneven distribution of carbon, necessary for cometabolism. Soil aggregates or small soil cubes enriched in 2,4-D degrading microorganisms were not distributed randomly in soil, but rather grouped into centimetric hot spots (Vieublé-Gonod et al., 2003; . In a simulation, Vieublé-Gonod et al. (2006) showed that if soil cubes having a high potential of mineralization (hot spots of mineralization) were either not in direct contact with the pesticide (within soil clods, not exposed to preferential flow paths) or in direct contact with it (on the periphery of clods), 2,4-D mineralization was differently affected and was equal to 2% and 75% of added C, respectively. Cohen et al. (unpublished data) studied the impact of soil structure on isoproturon mineralization in small columns made of structured or sieved soil sampled in plots amended or not with a co-compost of green waste and sewage sludge or with a municipal solid waste. They showed that soil structure significantly affects isoproturon mineralization only in soil amended with compost (not in the control). But the effect also depended on type of compost. In soil amended with the co-compost of green waste and sewage sludge, isoproturon mineralization was stimulated in structured samples whereas in soil amended with a municipal solid waste compost, opposite results were observed. At a smaller scale, when comparing the mineralization of 2,4-D by intact aggregates to that of crushed ones, Vieublé Gonod et al. (2003) highlighted that disruption of the soil structure by crushing did not affect pesticide mineralization. Effect of time. Soil structure can protect a fraction of pesticide from biodegradation and this phenomenon is emphasized when pesticides are "aged". Indeed, some works noticed that, over time, xenobiotics may become resistant to biodegradation (e.g. Nam et al., 1998) because pollutants may become physically segregated from degrading bacterial species. Hydrophobic pesticides could become inaccessible through their diffusion within the organic matter or micropore network (Shaw et al., 2002) . Steinberg et al. (1987) demonstrated that degradation of aged 1,2-dibromomethane by indigenous microorganisms was negligible when compared to rapid mineralization of freshly added compounds and explained it by the entrapment of aged compounds in intraparticle micropores.
Effect of environmental conditions (water content, temperature)
Water content. Variations in soil moisture have effects on the diffusion of soluble substrates and on the mobility of microorganisms at lower soil water content, while at higher soil moisture diffusion of oxygen can become restricted, both of which affecting activity of soil microbial communities (Skopp et al., 1990) . It is important to consider water content at a given pressure head rather than to compare gravimetric or volumetric water content (Alletto et al., 2006; . Generally, aerobic microbial activity increases with soil water content up to a maximum point before decreasing (Linn & Doran, 1984) . For example, Schroll et al. (2006) showed an optimum mineralization for isoproturon, benazolin-ethyl, and glyphosate at a soil water potential of -0.015 MPa, whereas, pesticide mineralization was considerably reduced when soil moisture approximated water holding capacity. Some fungi such as the white-rot Trametes versicolor may degrade triazines under low water availability conditions (Bastos & Magan, 2009) . Because fungi often degrade pollutants using exocellular enzymes, these enzyme-catalyzed processes should be regulated in soils with respect to moisture for an optimal activity (Baldrian, 2009) . Soil moisture affects not only the activity but also the diversity of soil microbes (Bouseba et al., 2009 ). For example, fungi have an adaptative advantage with respect to bacteria to water fluctuations. The hyphal/mycelial growth form, present in fungi, facilitates organisms to cross water-poor or nutrient-poor spots (Yuste et al., 2011) . As a consequence, fungi can tolerate a broad range of environmental conditions, including moisture content. The reduction of the microorganisms activity at lower soil water content could increase the contact times between the pesticide and the soil components, and so may favour long-term sorption (Cox & Walker, 1999) . It could explain why some authors concluded that the amount of bound residues seemed to be inversely proportional to mineralization. These results also explain why pesticide degradation is reduced (with increase in persistence) in areas characterized by elevated temperature and limited rainfall (Bouseba et al., 2009) . Temperature. Alletto et al. (2006) demonstrated that isoproturon mineralization was largely affected by temperature in both surface and subsurface soils but degradation seemed more sensitive to water content variations than temperature ones. Pesticide biodegradation could also be affected in temperate regions if global warming lead to drastic changes (Bouseba et al., 2009 ). For example, Levy et al. (2007) showed that the harsh summer conditions of 2003 altered the structure of the microbial communities involved in isoproturon biodegradation and decreased severely isoproturon mineralization. In colder regions, slight increase of temperature in spring and fall and more frequent freeze-thaw cycles due to climate change modify herbicide degradation and can drastically affect the availability for leaching Stenrød et al., 2005) .
Abiotic degradation
Abiotic degradation of pesticides in soil has mainly been studied through laboratory experiments performed under controlled conditions. Identification of the reaction mechanisms and pathways is essentially performed using simplified matrix such as pure or commercial soil components. However the processes are ascertained in soils, through pesticide and its by-products monitoring, and evaluated through kinetic and comparative studies. Chemical reactions are generally performed using large amount of water in front of soils or soil components, but sometimes at realistic soil water content; dry soil matrixes are only used in photodegradation studies. To distinguish abiotic processes from biodegradation, soils are sterilized through various technics: generally autoclaving, but also adding biocide chemical (NaN 3 , HgCl 2 ) or γ-irradiating with 60 Co. The influence of temperature on abiotic degradation will not be treated in this chapter. Globally it plays a role through adsorption-desorption equilibrium and Arrhenius law (Calvet et al., 2005) .
Hydrolysis
Hydrolysis is defined as a chemical transformation by nucleophilic displacement of an organic compound RX with water to form ROH and a leaving group X (3):
In addition to reaction (3), hydrolytic reactions can be acid-or base-catalyzed (ie by H 3 O + or OH -ions, respectively). Therefore, water availability and pH are key-factors for reaction occurrence and kinetics.
www.intechopen.com
Hydrolysis may be favored by metal-ion catalysis, through two mechanisms: (i) direct polarization, where the metal coordinates the hydrolysable function (eventually through chelate formation) making it more electrophilic and thus more reactive and (ii) in situ generation of a reactive metal hydroxo species. Surface-bound metals may also catalyze hydrolysis according to those two mechanisms and a third one, where the electrostatic interactions enhance the OH -concentration in the aqueous phase (Smolen & Stone, 1998) . The most cited reactive metals are +II in solution (Cu(II), Pb(II), Mn(II), Fe(II),…) whereas +III or +IV as surface-bound or solid particulate species (goethite α-FeOOH, γ-Al 2 O 3 , TiO 2 ,…). Clay minerals also act as hydrolysis catalyzers, mainly because of their surface acidic pH. In the case of azinphosmethyl, cations involvement has been hypothesized to proceed from the formation of bidentate complex pesticide-clay interlayer cations, which increases P electrophilic character (Sánchez-Camazano & Sánchez-Martín, 1991). The role of soil organic matter on hydrolysis is complex, as the pesticides may be sorbed on the organic matter or dissolved in water: both states have to be considered but can hardly be distinguished experimentally. In the solution compartment, acid-catalyzed hydrolysis may be enhanced by acidic functional groups of the organic matter (Gamble & Khan, 1985) . On the opposite, base-catalyzed processes may be inhibited because of the pollutant adsorbed status. This could be due to the negative charges associated with organic particles, which result in a decrease of the effective surface pH and/or stabilization of the transition species during reaction (Noblet et al., 1996) . Organic matter effects may also be explained by a micellar catalysis model (Georgi et al., 2008) . Furthermore, soil amendment with organic matter favors biodegradation and may hinder the effect of amendment on chemical hydrolysis reactions, as observed for triasulfuron by Said-Pullicino et al. (2004) . However, those authors evidenced that this sulfonylurea degradation through (bio)hydrolysis was slightly reduced by compost amendment. Hydrolysis is a major degradation process for sulfonylureas in acidic soil (eventually more efficient than biodegradation), when their neutral form is prevalent: effect of soils parameters and potential pathways were reviewed by Sarmah & Sabadie (2002) . Soil pH variation induces changes in sulfonylureas DT50 from less than 10 days to more than 100 days; soil moisture, clay or organic matter content act in a lesser extent on kinetics.
Oxidation and reduction
Oxidation and reduction correspond to reactions in which oxidation number (state) changes in a molecule (or ion, or atom): oxidation for its increase and reduction for its decrease. It can also be described by a loss or gain of electrons, respectively. Both types of reactions are systematically coupled, thus named redox reactions. Thus to oxidize (or reduce) a pesticide, there should be in the soil environment a chemical able to behave as oxidant/electron acceptor (or reductant/electron donor), ie presenting adequate redox potential. Oxidation. Oxidative mechanisms in soils may be mediated by both oxidative enzymes (Dec & Bollag, 2000) and abiotic catalysts such as metal oxides. Among them, manganese oxides and hydroxides are major contributors because of their reactivity and frequency in soils (Li et al., 2003) . Redox potentials of MnOOH and MnO 2 make those species able to oxidize organic contaminants with functionalities such as phenol (Lin et al., 2009 ), aniline (Laha & Luthy, 1990) or triazine (Shin & Cheney, 2004) . In a lesser extent because of their lower potential, Fe(III) oxides or Fe(III) adsorbed on smectite clays may also act as oxidants (Li et al., 2003) . The oxidation reaction begins with the formation of a precursor complex between the pollutant and the surface-bound metallic species, followed by electron transfer within the complex and release of an organic cationic radical, that will evolve to an oxidized form or bind to a vicinal reactive species. Through the development of a mechanism-based kinetic model, Zhang et al. (2008) demonstrated that environmental factors may affect either the reaction kinetics of MnO 2 -pollutant complex formation or the rate of electron transfer, directly or through action on the reactive surface sites. Among solutes, Mn(II) presents the strongest inhibitory effect, followed by other divalent cations as Ca 2+ . The pH plays a role by affecting ionizable pollutants and reactive surface sites, changing the speciation of MnO 2 surface. Organic matter may affect the reaction by reducing reactive surface sites through two processes: by contributing to the Mn-oxide reductive dissolution and by coating the mineral oxidant. Furthermore, it commonly reacts with the cationic radical and form covalent binding, resulting in bound residues (Li et al., 2000) . Another abundant oxidizing agent in soil upper layers is oxygen, both in gaseous form and dissolved in liquid surface films. As a marginal pathway in soils, oxygen causes autooxidation or weathering through a radicalar mechanism involving O 2 -• production (Larson & Weber, 1994) . Reduction. In soils, pesticide reduction happens currently in suboxic and anoxic conditions encountered in poorly drained or groundwater-fed soils, riparian zones, wetlands or flooded areas and sediments. Nature of the reductants includes chemicals or "abiotic" reagents as reduced metal, sulfide ion or natural organic matter (Borch et al., 2010) , but also extracellular biochemicals such as metal chelated in porphyrin or corrinoid or as transitionmetal coenzymes (Kappler & Haderlein, 2003) . Extensive studies using nitroaromatic contaminants as probe (such as trifluralin) showed that they are predominantly reduced by Fe(II) associated with iron minerals surfaces (Colon et al., 2006; Klupinski & Chin, 2003) . Natural organic matter and particularly quinone moieties may also play a determinant role as an electron shuttle (Kappler & Haderlein, 2003) . Furthermore, abiotic and biotic processes may be closely associated: Zhang & Weber (2009) demonstrated that reducible organic contaminants compete with iron oxides for the electron flow generated by the microbially mediated oxidation of organic carbon and subsequent reduction of quinone functional groups associated with dissolved organic matter.
Photodegradation
Photochemical reactions, ie reactions induced by UV or visible light, may degrade pesticides according to two types of processes, known as direct photolysis and indirect photodegradation. In direct photolysis, the pesticide itself absorbs light energy, becomes excited and, depending on the reaction activation energy, may undergo a transformation reaction. On the opposite, indirect photodegradation is defined as reaction of a ground-state pesticide with another photochemically produced species. This species can transfer energy, undergo an electron or hydrogen transfer, or lead to the formation of reactive entity (singlet oxygen, radical) which reacts with the pesticide. Reaction mechanisms and pathways were extensively reviewed in water and soil (Burrows et al., 2002; Katagi, 2004) . Light penetration in soil. The intensity and spectrum of sunlight reaching the soil depends on time of the day, season, latitude, altitude and state of the atmosphere (eg clouds or dust absorbing light), with shortest wavelength λ around 290 nm. In sunlight-exposed soils, photodegradation occurs within a shallow surface zone; its depth depends on soil characteristics and on the photodegradation mechanism. Hebert & Miller (1990) showed in sandy loam soils that direct photolysis was restricted to 0.2-0.4 mm ie the photons penetration depth, while indirect process was deeper, 0.7 mm in mean but up to 2 mm or more due to the vertical migration by diffusion of active species and/or pesticide. Soil characteristics playing a role in photons penetration are essentially its light absorption and scattering by particles. Both vary with wavelength and moisture content (Ciani et al., 2005a) . Through light absorption and scattering, soil texture plays a major role on light penetration: Gonçalves et al. (2006) found that higher porosity of a sandy soil in front of sandy loam ones may be responsible for the faster direct photolysis of quinalphos. Direct photolysis. In direct photolysis, reaction kinetics (evaluated through degradation rate constant k) depends not only on the light intensity in the medium I(λ) as upper mentioned, but also on the pesticide molar absorption coefficient ε(λ) and on the quantum yield Φ(λ) of the chemical process (ie the efficiency by which photon energy is used for a chemical reaction) through equation (4):
The functions ε(λ) and Φ(λ) depend on the organic compound state, such as its ionization form and its sorption on soil components. Sorption may cause a bathochromic shift, reaching 45 nm for trifluralin on kaolinite or silica (Ciani et al., 2005b) , and a hyperchromic shift is suspected (Ciani et al., 2005b; Menager et al., 2009 ). These modifications of ε(λ) favour the photolytic process. The effect of sorption on quantum yield Φ(λ) has been evaluated by Ciani et al. (2005c) through the determination of I(λ), ε(λ), the diffusion parameters and the knowledge of degradation pathways, which may change with irradiation wavelength. They demonstrated that the quantum yield of 4-nitroanisole on kaolinite was on the same order of magnitude as in water, whereas that of trifluralin was 10 times smaller than in water. Furthermore, for aromatic compounds, triplet lifetimes are extended when adsorbed on silica or alumina, which means they may be more susceptible to photodegradation (Larson & Weber, 1994) . After solar light absorption, excited singlet states convert to triplet states (PX*) and undergo homolysis ( P • + X • ), heterolysis ( P + + X -or P -+ X + ) or photoionization ( PX +• + e aq -) (Burrows et al., 2002) . The intermediate ions or radicals further evolve and lead to formation of by-products that may correspond to some also observed under other abiotic processes (eg photohydrolysis, photooxidation, deshalogenation) or to more specific by-products (eg photoisomerization, cyclization). According to reviews (Burrows et al., 2002; Katagi, 2004) the degradation schemes, although generally identical in water and soil, may present some singularities when the pesticide is adsorbed on soil. For instance, fipronil photodegradation scheme presents only one pathway in soil instead of two in water (Bobé et al., 1998a) . Soil characteristics may play a different role according to the pesticide and its own properties: photodegradation efficiency was found to decrease when adsorption (Kf) increased for fipronil (Bobé et al., 1998a) , or when pH increased for the sulfonylurea chlorimuron-ethyl (Choudhury & Dureja, 1997) . Humic substances tend to decrease direct photolysis through light screening, static quenching (inhibition of the PX* formation through complexation of the ground-state molecule) and dynamic quenching (energy transfer from PX* to humic substance) (Walse et al., 2004) . Specific study of direct photolysis in soil is complex because indirect processes may interfere, even if they can theoretically be distinguished through a two-steps kinetic model (Albanis et al., 2002; Hebert & Miller, 1990; Tajeddine et al., 2010 . HS may play all those roles, but may also reduce indirect photodegradation by light screening and by scavenging the reactive species. The resulting effect can be a photodegradation increase (Albanis et al., 2002; Besse et al., 2005; Xiaozhen et al., 2005) or decrease (Albanis et al. 2002; Tajeddine et al., 2010) . Non-transition metal oxides such as aluminium oxide or magnesium oxide can photocatalyze the 1 O 2 generation (Gohre & Miller, 1985) . Transition metals such as iron and manganese, under oxide or hydroxide forms or included in clays, can act as quenchers or as catalytic sites for reactions, as electron mediators. In the presence of water, iron plays a great role in generating • OH, mostly through photo-Fenton reaction (Fe(II)/H 2 O 2 ) or by reaction of a Fe(III)-HS complex. Clay minerals are also known to act on photodegradation. Existing literature tends to attribute their role to: 1) their sorption properties to retain pesticides at soil surface, 2) the bathochromic (and maybe hyperchromic) effects of sorption, 3) 1 O 2 , O 2 -• and • OH active species formed by irradiation of clay in the presence of water and/or oxygen, 4) screen effect and steric constraint that photostabilize the sorbed pesticide, 5) charge or energy transfer of the photoexcited clay to the pesticide or of the photoexcited pesticide to the clay, and 6) clays content and coating in (by) reactive metallic species and HS, forming clay-(metal)-HS complexes. Points 1, 2 and 3 favour the photodegradation, 4 decreases it, whereas the two other may result in an increase or a decrease of the photoprocesses. Photodegradation enhancement by 6 is linked to • OH generation by free and structural irons under Fe(II) and Fe(III) forms (Wu et al., 2008) . In soil, clay-metal-HS complexes may also decrease photodegradation, because of Fe(III) efficiency as energy or charge acceptor (Rozen & Margulies, 1991; Mountacer et al., 2011) . Furthermore, as HS, silicate surface may trap peroxy radicals and thus lessen the process on soil surfaces. Effect of soil water content. Water plays a major role, directly as a reactant to form active species such as • OH or indirectly as a solvent, favouring presence of precursor chemicals (for instance metallic ions) and diffusion. Therefore, if the soil is dry, there is far less possibility of indirect photodegradation. On the opposite, as light penetrates more deeply through the interstitial spaces of dry soil (Ciani et al., 2005a; Frank et al., 2002) , direct photolysis could be favoured by dryness. However, the global resulting pesticide photodegradation has largely been demonstrated to be slower in dry soils, with half-lives multiplied by a 2-7 factor or more Graebing et al., 2003) . Relative importance of the degradation pathways can also be influenced by the presence of water, for instance if a photohydrolysis mechanism is involved (Tajeddine et al., 2010) . Drying/rewetting cycles favour indirectly the photodegradation process, because of the movement of the pesticide through condensation and evaporation . Using atrazine as a probe, Xiaozhen et al. (2005) showed that photodegradation on soil was enhanced by: presence of water (facilitating movements), acidic or alkaline soil pH (H + and OH -catalyzing reactions), smaller particle size (higher catalytic surface area), higher humic acid content and presence of a surface-active agent that increase pesticide solubilization. Agricultural practices, such as addition of fertilizer or compost, may modify the photodegradation processes. However, even if nitrate ions are major photoinducers in natural waters (Nélieu et al., 2009 and references therein) , their addition in soil does not increase photodegradation . Compared to surrounding soil, earthworm casts were found to favour the atrazine photodegradation and make it preeminent in front of biodegradation (Besse et al., 2005) , maybe because of changes in organic matter and minerals in casts. When compared to other biotic and abiotic degradation processes, the photodegradation may be dominant on dry, sunlightexposed surfaces while other dissipation pathways prevail in deeper layers (Hebert & Miller 1990; Dimou et al., 2004) . In situ experiments showed that by-products issuing from fipronil appeared in the following order over time: photodegradates, products of oxidation and eventually reduction, and products resulting from (bio)-hydrolysis (Bobé et al., 1998b) .
Relevant scale and influent integrated factors
Macromolecular scale. Humic substances are now seen as an assemblage of small molecular weight components. The structure of organic matter is governed by its macromolecular nature and the competition between polar and apolar interactions depending on the physico-chemical environment (Sutton & Sposito, 2005) . Hydrophobic structures such as flexible micelle-like structure involve intra-chain interactions, and rigid condensed phase includes inter-chain interactions (Chassenieux et al., 2000) . Micelle-like structure is rather associated to aliphatic carbon, and condensed phase involves preferentially aromatic carbons (Huang et al., 2003) . The polarity of organic mater can be estimated by O+N/C atomic ratio and by its aromaticity H/C ratio (Xing et al., 1994) . Structural descriptors, using 13 C NMR techniques complete this description by determining the percentages of aromatic-, aliphatic-carboxyl-and carbonyl-C (Ahangar et al., 2008; Xing & Pignatello, 1997) . The interaction of less polar pollutants with the micelle-like structure is a partitioning process characterized by linear isotherm and reversible behaviour (Sierra et al., 2005) . Polar contributions between aromatic rings and substituted monoaromatic π systems increase the energy, enhance the non linearity of isotherms and hysteresis (Keiluweit & Kleber, 2009; Schlautman & Morgan, 1993) . But no significant correlation between aromaticity or aliphaticity and sorption affinity was established (Chefetz & Xing, 2009; Pan et al., 2008a) . The local molecular organization has to be considered (Ahangar et al., 2008; Huang et al., 2003; Jung et al., 2010) . Organo-clay complex. The organo-clay complex refers to the granulometric fraction < 2 µm. In soils, the clay surface was found to be completely saturated in carbon (Séquaris et al., 2010) . In this fraction, the organic matter is present in dissolved and sorbed phases. Sorption of organic matter on clay minerals can be seen as a fractionating process because high molecular weight polymers are preferentially adsorbed (Pan et al., 2008b) . High molecular weight and high surface area confer to the organo-clay complex a major role towards the retention of pesticides in soils. For example, the wettability of the clay fraction, characterized by the contact angle θ of water drop deposed on a thin air dried film, is directly related to the retention of diuron by the soil (Chaplain et al., 2008) . The cosθ is related to the liquid and solid interactions by the Young-Dupré equation and the polar and apolar components of these interactions can be measured using appropriate solvents (Van Oss, 1994) . We suggest that diuron can be used as a reference pesticide to characterize the global hydrophobicity of soil due to its high chemical stability in a large range of pH (Chaplain et al., 2008) . Finally, as drying is known to enhance soil hydrophobicity (Diehl et al., 2009) , an increase in the sorption of pesticide by re-wetting soils is expected but this is poorly described (Lennartz & Louchart, 2007) . Biological processes are also affected by wettability (Braun et al., 2010) . Aggregate scale or micro-habitat. Soil characteristics measured on bulk soil samples poorly reflect the local environmental conditions experienced by microorganisms (Christensen et al., 1990) . Microorganisms' sizes range from the micrometer (bacteria) to millimetres or centimetres (fungi). The spatial heterogeneity of soil conditions at this micro-habitat scale directly influences their activity but is rarely taken into account (Parkin, 1993) . In particular, the rate of biodegradation depends on the presence of specific microorganisms, the bioavailability of the compound (adsorbed or not, physically accessible or not), and on favourable environmental conditions. Each of these factors may be heterogeneous at the microscale. For example, studies of the mineralization of 2,4-D in a silty soil at microbial habitat scale showed that mineralization was spatially heterogeneous and that its variability increased when the size of micro-habitats decreased (Vieublé-Gonod et al., 2006) . Mesoscopic scale. Mesoscopic scale (around 100 cm 3 ) appears as the pertinent transition scale between laboratory studies and field measurements. In any cases, the water status, including the water distribution into the heterogeneous soil structure, can be controlled by imposing a given water potential. The integrative measurable parameters at this scale are the bulk density and the water content of soil samples. Our recent results confirm that this scale is suited to study the effects of soil structure on the fate of pesticide (Mamy et al., 2011) . This scale is also appropriate to measure, in an integrative manner, the fate and ecotoxicological impact of pesticides in conditions close to the field ones. Finally, this scale is also relevant to study the effect of agricultural practices on bulk density: contrasted effects of no-till were shown with various soils. As mechanical properties of soil are closely related to soil structure and water content, we also found that the variation of these properties with the initial bulk density of soil is a good tool to predict the long-term effect of no-till on bulk density for various soils . Plot scale. At the plot scale, our results showed that 2,4-D mineralization variability decreased when compared to micro-habitat scale (Vieublé Gonod et al., 2006) . At this scale, the location of the added organic matter in soil is an important controlling factor. Indeed, the incorporation of crop residues or organic amendments by ploughing induces a heterogeneous spatial distribution of the added organic matter in the tilled layer. The effects of this spatial variation on the fate of isoproturon have been assessed by Vieublé-Gonod et al. (2009) . They showed that interfurrows, containing important quantities of fresh organic matter, constituted a special local environment with the highest level of microbial biomass and the highest isoproturon mineralizing capacities and respiration levels. The presence of compost in the interfurrows stimulated isoproturon biodegradation relative to controls. This effect was more pronounced for the municipal solid waste compost than for the co-compost of green waste and sewage sludge. Heterogeneity may persist several months after compost or stubble hiding depending on the nature of added organic matter. Another important driver of heterogeneity at the plot scale is linked to water retention properties as shown for the degradation of glyphosate (Stenrød et al., 2006) and isoxaflutole (Alletto et al., 2008) .
Conclusion
The fate of pesticides in the environment is mainly regulated by their behaviour in soils, and in particular by their adsorption and biotic and abiotic degradation. The extent of these www.intechopen.com processes depends on the physico-chemical properties of pesticides (electronic structure, solubility…) and on the soil properties (constituents, structure at different scales…). They also strongly depend on the environmental conditions like temperature and water content. To improve the understanding of the fate of pesticides in soils, there is a need to better take into account the soils heterogeneity and variability. Studies have to consider relevant integrative parameters describing the soil structure and interfacial properties at various water contents. Depending on the scale, integrative parameters are, in increasing order: hydrophobic structures of organic matter, wettability of clay fraction, soil hydrophobicity, bulk density related to water retention and physical properties like mechanical resistance, hydraulic conductivity and water retention, and spatial repartition of exogenous organic matter. The water content and its distribution in heterogeneous structures should be considered simultaneously. In the perspective of the reduction of pesticide use, the main options are the choice of pesticide and of its commercial formulation, and the improvement of agricultural practices. To evaluate their effects, we propose to use the mesoscopic scale as a link between molecular and field scales, because it allows measurements of coupled processes with any kind of materials, including structured soils. Finally, the effects of wetdry cycles on the fate of pesticides are poorly known and deserve to be studied in view of climate change. This book is a compilation of 29 chapters focused on: pesticides and food production, environmental effects of pesticides, and pesticides mobility, transport and fate. The first book section addresses the benefits of the pest control for crop protection and food supply increasing, and the associated risks of food contamination. The second book section is dedicated to the effects of pesticides on the non-target organisms and the environment such as: effects involving pollinators, effects on nutrient cycling in ecosystems, effects on soil erosion, structure and fertility, effects on water quality, and pesticides resistance development. The third book section furnishes numerous data contributing to the better understanding of the pesticides mobility, transport and fate. The addressed in this book issues should attract the public concern to support rational decisions to pesticides use.
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